The uptake and release of Pb(II) by Fontinalis antipyretica was studied in laboratory, by exposing the plants to different lead concentrations for 144 h and 335 h contamination and decontamination periods, respectively. A first order kinetic model was fitted to the experimental data to determine the uptake and release constants, k 1 and k 2 , and other relevant parameters. The metal accumulation capacity, at equilibrium, follows the order: Pb(II) > Zn(II) > Cd(II) > Cr(VI). A Bioconcentration Factor (BCF) and a Biological Elimination Factor (BEF) were also determined; for 0.9-2.2 mg Pb l -1 , BCF decreases from about 30748 to 21296. 
Introduction
The biogeochemical cycles of the majority of heavy metals are in constant modification as a consequence of human activities, originating an increasing concentration in water bodies and terrestrial or aquatic ecosystems.
Physical and chemical methods are often applied to reduce the metal pollution levels to achieve discharge limits that comply with the water legislation, but these processes present some limitations. Processes suitable at high concentrations are often either ineffective or cost unreasonable when applied to metal dilute wastewaters (Lodeiro et al., 2005a) . Biosorption is an emerging and attractive technology that uses biological materials to remove metals from solution through adsorption (Volesky, 2003; Norton et al., 2004) . Aquatic bryophytes have been referred to in literature as being able to shut off, retain and accumulate pollutants, such as nutrients, toxic organics and heavy metals, leading to a concentration in their tissues several times higher than in the surrounding environment (Nimptsch et al., 2005) . Because of their physiological and environmental characteristics and the fact they are widespread in most European rivers (Whitton et al., 1981) , aquatic mosses have also been successfully used as biological indicators of surface waters contaminated by heavy metals or radioisotopes (Nimis et al., 2002; Mouvet, 1985; Bruns et al., 1997; Gonçalves and Boaventura, 1998; Vincent et al., 2001) . The use of bioaccumulators to monitor water quality is of particular interest for environmental agencies, owing to the difficulties in assessing metal concentrations in the stream water by a purely instrumental approach (Nimis et al., 2002) . Their accumulation capacity allows an integration of casual fluctuations in the metal concentration in water during long periods of time. So, aquatic bryophytes proved to be an effective one for the detection of intermittent, sporadic and seasonal pollutant incidents (Gonçalves et al., 1994; Nimis et al., 2002) . Srivastav et al. (1994) reported the accumulation capacity of aquatic mosses to remove heavy metals from polluted waters. Moreover, their special characteristics also allow using them as biosorbents to clean industrial wastewaters.
The trace metals are distributed in different compartments of the plant: bound to functional groups on the cell walls, in the cytoplasm, inside the vacuoles and in the form of polymers complexes (Bruns et al., 2001) .
To get a correct and effective interpretation of biomonitoring results, several studies have been carried out to establish heavy metal uptake and release kinetics either through laboratory experiments (Gonçalves and Boaventura, 1998; Martins and Boaventura, 2002) or from field surveys (Mersch and Kass, 1994) .
Kinetics depends on physical-chemical characteristics of the water, environmental factors (temperature, light intensity, metal concentration and the presence of other compounds) and parameters concerning the plant itself.
In last decades, several authors have studied heavy metal accumulation by bryophytes (Pickering and Puia, 1969; Brown and Beckett, 1985; Gonçalves and Boaventura, 1998; Martins and Boaventura, 2002; Martins, 2004) , fungal biomass (Aksu and Balibek, 2006) , marine macroalgae (Lodeiro et al., 2005b) , agricultural wastes (Kadirvelu et al., 2001 (Kadirvelu et al., , 2003 and biosolids (Norton et al., 2004) to elucidate the uptake or release mechanisms and the uptake rate from metal-enriched solutions. Foulquier and Hébrard (1976) and Pickering and Puia (1969) suggested that two and three stages, respectively, were identifiable during metal uptake by plant cells in batch system. A simple first-order kinetic model proved to give an adequate approach to the simulation of experimental kinetic data (Martins and Boaventura, 2002; Martins, 2004) .
Equilibrium concentrations may be calculated from uptake and release kinetic rate constants, experimentally determined by contaminating the plants during a short period and then exposing them to non-contaminated water (Walker, 1990) .
This methodology has been applied to determine BCFs of Cd, Cu, Cr, Ni, Pb and Zn by amphipods (Clason et al., 2003 (Clason et al., , 2004 , Zn by Gammarus Pulex (Xu and Pascoe, 1993) , and in the investigation on the uptake and release kinetics of Cu (Gonçalves and Boaventura, 1998) and Cd, Cr and Zn (Martins and Boaventura, 2002; Martins, 2004) by Fontinalis antipyretica.
Experimental data obtained in laboratory (Srivastav et al., 1994) and from field (Nimis et al., 2002; Hongve et al., 2002) have shown that metal ion uptake by aquatic mosses depends on the selected species. However, Fontinalis antipyretica has been recognised as a good bioindicator for heavy metal contamination (Carballeira and Fernandez, 2002; Bargagli et al., 2002; Figueira and Ribeiro, 2005; Samecka-Cymerman et al., 2005) .
This study focused on the lead uptake and release by the aquatic moss Fontinalis antipyretica, in the perspective of a future application for decontamination of metal-enriched waters. Actually, many industrial wastewaters have to be decontaminated to comply with permissible discharge limits of about 1.0 mg l −1 for lead, and aquatic bryophytes can be used as biosorbent to achieve this limit in a polishing treatment step.
Kinetic and equilibrium parameters were determined by fitting a simple kinetic model to the experimental data.
Material and methods

Mosses
Fontinalis antipyretica was collected from the Selho River, at Aldão, in the Ave River basin. Plant material was taken out from a river stretch without metal contamination upstream, so its metal content is assumed to be of natural origin. Prior to rinsing the mosses directly with river water, dead material, soil particles and invertebrates attached to the plants were removed. Back to the laboratory, the mosses were washed with deionised water and the plant green parts separated to be used later. The material was preserved for some hours in a refrigerator before starting the experimental work.
Kinetic studies
The experiments were carried out in a continuous flow system, including four 20 L -rectangular basis (250 mm × 400 mm) and 200 mm height acrylic tanks ( Figure 1 ). Water recirculation by a centrifugal pump (6 l min −1 ) promotes the agitation and homogenisation, to get perfectly mixed conditions, as confirmed by the analysis of the residence time distribution using the tracer (KCl) technique.
Each tank was supplied from a reservoir containing previously dechlorinated water (by adsorption of residual chlorine onto activated carbon), using peristaltic pumps. The lead stock solution (345.2 mg l −1 ) was introduced in the feed line of each tank through a multi-channel peristaltic pump. Lead concentrations in the range of 0.9-2.2 mg l −1 , which is common in acid mine drainage waters (Patterson, 1985) , were obtained in the tanks. As intermediate concentrations, we expected values of 1.3 and 1.7 mg l −1 . For some reason we could not identify, the peristaltic pump P2 delivered a flow rate higher than the expected one. Despite this abnormality, we decided to keep the results from the tank 2. The flow rate was adjusted to 600 ml min −1 for all tanks and the water level remained constant. Experiments were carried out at ambient temperature, in the range 17-20°C, and pH was practically constant (7.27 ± 0.03 and 7.43 ± 0.02). Illumination was supplied by two fluorescent lamps (a 40 W white light lamp and a 36 W rose light one) that remained switched on during all the experiments. Lamps were about 0.9 m above the water level and the average illumination at the water surface was 1723 Lux.
Moss samples were placed in parallelepiped plastic net bags in amount enough for analyses in duplicate and immersed in each tank. Experiments consisted of a contamination period of 144 h followed by a decontamination stage of 335 h. Mosses and water samples were removed from each tank for analysis, at time intervals previously defined. Biomass remained active during all the experiments as indicated by the oxygen bubbles released, owing to photosynthesis. Although some plant growth could be expected, it was negligible for the contact period within the tanks.
Analytical procedures
Moss samples from each tank were washed thoroughly with deionised water and dried at 70°C for 24 h. Then, they were ground for 90 s in an ultra-centrifugal mill RETSCH ZM 100 at 1400 rpm. The plant samples were analysed in duplicate after acid digestion. Approximately 100 mg of moss were placed in boxes of teflon (23 ml capacity) previously washed with 10% HNO 3 and then digested with 4 ml of 65% HNO 3 . Each box was inserted in a Parr bomb, which was placed in a microwave oven at 600 watts for 60 s. After digestion, the bomb was left to rest for 2 h, being the solution transferred to a 25 ml volumetric flask and diluted with deionised water. Prior to the analysis of lead by atomic absorption spectrometry using acetylene-air flame (AAS, VARIAN SPECTRA, model S220), the solutions were vacuum-filtered through 0.45 µm membranes. The spectral slit width was 1.0 nm and the working current/wavelength was adjusted to 5.0 mA/217.0 nm, giving a detection limit of 1 ppm. The instrument response was periodically checked with Pb 2+ solution standards. Lead solution (1000 µg ml −1 ) was obtained from Merck. The lead content in the mosses was expressed in µg g −1 dry weight basis.
Kinetic model
For a two-compartments system (water-plant), the metal ions transfer from and to aquatic bryophytes is assumed to be described by a first-order kinetic model (Martins and Boaventura, 2002) C m0 : Initial metal concentration in the plant (µg g −1 )
Release rate constant (h −1 ).
The metal concentration variation in the plant along the uptake period is given by the differential equation:
where t = time (h) and ρ = density (kg l −1 ). Integrating equation (2), with the initial condition C m = C m0 at t = 0 and assuming C W = constant, gives: (1 e ).
When t → ∞, the metal concentration in the plant tends to equilibrium (C me ), then:
Replacing t by t d (t d = time at the end of uptake period) in equation (3), we can calculate the metal concentration at the end of the contamination period (C mu ):
(1 e ).
At steady-state conditions, the bioaccumulation capacity may be represented by a BCF defined as:
Interrupting the addition of metal to water at t = t d , a decontamination period starts up. Experimental studies have shown that in this period the metal elimination is not complete, i.e., the metal accumulated tends to be a residual value greater than C m0 . In this phase, the metal concentration varies with time according to the equation:
where C mr is the residual metal concentration in plant, µg g −1 . Integrating equation (7) 
As t → ∞, C m tends to C mr , and a BEF may be defined for the decontamination period:
The BEF can take values between zero (no decontamination when mosses are exposed to metal-free water) and one (total metal release).
Results and discussion
The physico-chemical characteristics of the free chlorine tap water throughout the experimental work are presented in Table 1 . The evolution of the lead concentration in the tanks is plotted in Figure 2 . The concentration in the feed stream ranged between 0.9 mg l −1 and 2.2 mg l −1 . The initial lead concentration in Fontinalis antipyretica was 114 µg g −1 , which can be considered as the natural background level for aquatic mosses collected at non-polluted sites (Wehr and Whitton, 1983) . Figure 2 Lead concentration in the tanks throughout the experiment Equation (3) was fitted to the experimental data for the accumulation stage to determine the uptake and release rate constants. C me (metal concentration at equilibrium) and C mu (metal concentration at the end of the uptake period) values were calculated by equations (4) and (5), respectively. The residual metal concentration, C mr , was obtained by fitting equation (8) to data of the decontamination period. The values of kinetic constants, equilibrium concentrations and statistical parameters, for the uptake and release stages, are presented in Table 2 . The evolution of the lead concentration as predicted by the model, as well as the experimental values, is plotted in Figures 3(a) -(d). Generically, the mosses accumulate lead in accordance with the external concentration they are exposed to. The kinetic constant k 1 decreased from 507 h −1 to 298 h −1 as metal concentration increased from 0.93 mg l −1 to 2.19 mg l −1 . So, for metal concentrations in this range, the retention of metal ions in the cell wall or inside the cell (by complexation with molecules or precipitation inside the vacuoles) probably do not condition the physiological process of the organism, in accordance with those referred by Figueira and Ribeiro (2005) , on a study about biomonitoring metals released by a mine effluent.
The plant uptake capacity, expressed as C me or C mu , increases with the metal concentration in water (Table 2) . A limit to the amount of metal bound by the mosses seems to exist, as the maximum amount of metal retained by the plant depends on the number of binding sites (Martins and Boaventura, 2002) . For the metal concentration used in this work, the maximum uptake capacity was not attained at the end of the contamination period (144 h). Uptake kinetics, however, are not dependent on the number of binding sites, but on lead concentration in water, so the decrease in the kinetic constant k 1 as C w increases suggests a toxic effect on the plant. For the decontamination phase, k 2 is practically independent of the metal concentration (k 2 = 0.015 h −1 ). In the uptake/release kinetic study of Cu(II) by aquatic mosses of the same species, Gonçalves and Boaventura (1998) obtained similar results for the release rate constant. For C W ~ 1.0 mg l −1 , the release rate constant, k 2 , is greater for Zn(II) than for Pb(II), 0.030 and 0.017 h −1 , respectively (Martins and Boaventura, 2002) , which means that lead has a higher affinity to the moss. Such fact can be explained by its higher covalent index (6.61) when compared with zinc (4.07) (Dean, 1999) . As could be expected, at equilibrium, the lead concentration in the plant increases (from 28.8 to 46.8 mg g −1 ) with the concentration in water. After decontamination, the residual lead concentration in equilibrium with metal-free water is also proportional to the amount accumulated at the end of the uptake period.
Comparing C me values for lead (Table 2 ) with those obtained for zinc, cadmium and hexavalent chromium by Martins (2004) , the uptake equilibrium capacity follows the order Pb(II) > Zn(II) > Cd(II) > Cr(VI). According to Avery and Tobin (1992) , the adsorption capacity varies in the direct ratio of the element atomic weight. The functional groups in the cells wall may also be responsible for establishing preferential binding with lead ions (Tyler, 1990) .
The metal ions release is very fast in an initial phase, becoming gradually slower, in accordance with a standard described for a concave hyperbole curve (Figure 3 ). This behaviour may be partially explained by different binding strengths of the metal adsorbed at the surface or more internally into the cells.
Pb(II) uptake increased rapidly in the first hour and then remained nearly constant, suggesting that bioaccumulation is a very fast process. This behaviour is compatible with the mechanism of the uptake in three stages. The first stage (exchange adsorption) corresponds to a rapid surface binding; a large amount of lead is taken up in this stage and it is limited to the Donnan-free-space of the cell wall (Pickering and Puia, 1969) . The second stage is slower and the intracellular diffusion (penetration into the protoplast including the cell organelles) governs the process. The slow third stage results from the active accumulation of metal within the plant cells. This stage is dependent on factors that affect the metabolism, such as temperature and light intensity. The experimental results and the first-order kinetic model show that the contribution of the last two stages can be neglected regarding uptake kinetics when compared with the first stage.
The accumulation time was not long enough to reach the saturation of the aquatic mosses with lead. The extent of the decontamination period was adequately established as shown in Figures 3(a)-(d) .
BCF and BEF calculated from equations (6) and (10), respectively, are presented in Table 3 . BCF values vary inversely with the lead concentration in water, and range between 30748 and 21296. As the metal concentration increases, greater is the driving force, and then active sites with lesser affinity could be occupied. Assuming that the BCF values represent the bioaccumulation potential of a given metal for the moss, a comparative ranking is of great interest. Thus, considering the same metal concentration in water (2.0 mg l −1 ) and the results of a previous study (Martins, 2004) (Tyler, 1990) . In the decontamination period, lead released by the aquatic mosses reached intermediate values. The BEF remained approximately constant and averaged 0.45. The fraction of lead retained by the plant at equilibrium with metal-free water (C mr /C mu ) increases with the maximum accumulated at the end of the uptake period (Cmu) as observed in Table 2 . Exposing the aquatic moss Fontinalis antipyretica to a 0.75 mg l −1 solution in similar conditions, Gonçalves and Boaventura (1998) obtained a Cu concentration at equilibrium of 22.04 mg per gram of moss (dry wt.), a value similar to that found in this study using a 0.95 mg l −1 lead solution (28.4 mg per gram of moss, dry wt.). This proximity of the C me values for Pb(II) and Cu(II) is due to the compensation of the lesser Cu (II) atomic radius by the greater Pb(II) atomic weight (Avery and Tobin, 1992) . The BCFs for lead and copper are 30365 and 29333, respectively, which shows that Fontinalis antipyretica has less preference to accumulate lead.
Conclusions
Aquatic mosses are able to accumulate lead from aqueous solutions and partially release it when exposed to metal-free water, an interesting particularity that permits the reuse of plant material and partially recover the metal ions.
A first-order kinetic model was successfully fitted to the experimental data of lead uptake/release by Fontinalis antipyretica. Both phases are suitably described for this model, then permitting to know the kinetic constants and equilibrium concentrations.
When the lead concentration in water increases, a decrease in the metal uptake rate was observed. This fact imputes a toxic effect in plants and a subsequent deterioration of their physiological state.
For lead concentrations in the range of 0.93-2.19 mg l −1 , Fontinalis antipyretica accumulates, at equilibrium, the metal ion by a factor of 30748-21296 (Pb concentration in the moss, µg g −1 , dry wt.). After exposition of contaminated mosses to lead-free water, the plants retain between 47% and 66% of the metal previously accumulated.
Comparing Pb (covalent binding) and Zn (electrostatic binding) accumulation and release by the same moss species, it was observed that, for similar concentrations in water, Zn uptake is slower and the amount retained in the plant is lower.
Fontinalis antipyretica may be used in the decontamination of industrial effluents, as well as in monitoring aquatic systems where lead is present as pollutant. 
C m0
Initial metal concentration in the plant (µg g -1 )
C mr Residual metal concentration in the plant (µg g -1 )
C mu Metal concentration in the plant at the end of uptake period (µg g -1 )
C w Metal concentration in the water (mg l -1 ) 
